Context Policy decisions form a major driver of land use change, with important implications for socially and environmentally susceptible regions. It is well known that there can be major unintended consequences, especially where policies are not tailored to regionally specific contexts.
Introduction
Land use change has dramatically increased in recent decades due to rapid technological, social and Electronic supplementary material The online version of this article (doi:10.1007/s10980-015-0241-1) contains supplementary material, which is available to authorized users. economic changes at the global level (Ojima et al. 1994; Rabbinge and van Diepen 2000; Renwick et al. 2013) . Policy shifts, e.g. in production support mechanisms, are one of the main drivers influencing the way landowners manage their farms and therefore also the land use of the farm (Brouwer and van der Heide 2009; Swaffield and Primdahl 2010; Primdahl et al. 2013; Ribeiro et al. 2014) . Policy shifts can therefore lead to radical transformations at the landscape level, resulting in unintended changes in the provision of ecosystem goods and services (Millennium Assessment 2005; Braat and de Groot 2012; Rounsevell et al. 2012) . Consequently, there is a growing interest among policymakers, practitioners and scientists to develop indicator-based approaches to assess the impacts of policies on the ecological sustainability of agricultural land use systems (Brouwer and van Ittersum 2010) .
The use of ecosystem services as indicators of regional sustainability offers several advantages as they are affected by changes in land use/cover (Metzger et al. 2006; Müller and Burkhard 2012; Haines-Young et al. 2012 ) and represent the direct and indirect contributions of ecosystems to human wellbeing (Chiesura and de Groot 2003; Chapin et al. 2010) . Ecosystem service indicators are therefore seen as promising policy-relevant tools to identify gaps and communicate trends about recent, past or potential future states of a given social-ecological system (Müller and Burkhard 2012) .
In the past few years, several studies have related ecosystem services with key ecosystem functions (e.g. Schäfer 2012; Crossman et al. 2013) , but the link between policy measures and their effects on ecosystem functions and services is rarely made explicit (van Meijl et al. 2006) . Despite significant policy interest (Brink et al. 2012) , there is often a lack of empirical information about the spatial and temporal flows of ecosystem services and their rates of change (Fisher et al. 2009; Scholes et al. 2013) . Haines-Young et al. (2012) argue this is due to the complexity of obtaining direct measures of ecosystem service outputs and from the fact that existing monitoring systems were not designed to deliver such information. Further study is therefore required to develop efficient methods to assess the impact of policies in the environment (Hauck et al. 2013; Crossman et al. 2013 ) as recognised by the European Union (EU) within the Mapping and Assessment of Ecosystems and their Services (MAES) initiative (Maes et al. 2013a, b) . This is especially important when addressing sensitive social-ecological systems like the extensive Mediterranean silvo-pastoral systems, (e.g. the montado in Portugal and the dehesa in Spain) which support many highly valued ecosystem services (Pinto-Correia and Godinho 2013) . These socialecological systems, cover an area of about 3.5-4.0 M ha in the south-western Iberian Peninsula (Olea and Miguel-ayanz 2006) , under severe limiting conditions for agriculture: a dry Mediterranean climate with strong inter-annual variability and shallow soils with low organic matter content (Pinto-Correia and Vos 2004) . In order to cope with the scarcity of the environmental conditions, these systems are characterised by complex interactions and a sensitive balance between tree cover and the different and complementary uses of the under cover (i.e., between forestry and agricultural uses). The different uses need to be in balance with each other, or the systems will collapse: if the agricultural use is too extensive, there will be shrub encroachment and forest densification; if the agricultural use is too intensive, the trees cover will be reduced and the forestry component will likely disappear (Bugalho et al. 2011; Costa et al. 2011) . Within this system, regulating services (e.g. climate regulation or soil erosion prevention) are strongly affected by changes in the land use intensity, which in turn strongly depend on changes in the mechanisms of public policies (Primdahl et al. 2013) . For the Iberian silvo-pastoral systems, the most documented example are the livestock payment schemes under the Common Agricultural Policy, which so far in Iberia have been kept coupled to headage. At the same time as competing in a global market has become more difficult for these extensive, family farms, dependency on agricultural policy payments has increased (Costa et al. 2011; Ribeiro et al. 2014) . These schemes are thus heading to a progressive but constant increase in the intensity of livestock pressure, due to an increased number of animals using the grazing areas (PintoCorreia et al. 2013; Ribeiro et al. 2014) .
The spatial and temporal mismatch between service provision (e.g. flood regulation) and the benefit (e.g. reduced flood risk) highlights the need to assess regulating services (Nedkov and Burkhard 2011; Guerra et al. 2014) . To establish an indicator framework to support decision-making it is therefore necessary to identify ways to assess the implications of policies on the provision of regulating services, and establish possible cause-effect relations. This indicator framework is dependent on the availability of spatially explicit information on the state and trends of ecosystems and their services (Maes et al. 2012) .
In this paper, we calculate and map 24 state and impact indicators to characterize the provision of the soil erosion prevention (SEP) service, assessing how agriculture policy measures implemented over the past 60 years have affected the ecosystem service provision in the montado. This specific service was selected as it (a) corresponds to a regulating service and therefore enables conditions for the flow of other services (Power 2010) , (b) regulates a key impact in the selected social-ecological system (Pinto-Correia et al. 2011) , and (c) has been subject to targeted international, national and regional policy measures over the past decades (e.g. CAP agri-environmental measures).
The following section presents the conceptual approach, describes the evolving agricultural policy affecting the montado, and explores the modelling methods. The results section then demonstrates how the presented approach was applied to produce a longterm spatially explicit assessment of ecosystem service based indicators relating to SEP, and how ecosystem provision was influenced by changing in the agricultural policy. Finally the discussion and conclusions sections discuss the findings and their implication for current and future policy design.
Methods

Conceptual approach
In this paper we implement the conceptual model recently described by Guerra et al. (2014) , and summarised in Fig. 1 , which identified a set of process based indicators to calculate, map and describe the provision of regulating services. The analysis is carried out for a 60 year time-series (between 1951 and 2012) and is linked to the changing agricultural policy in a montado based case-study region in southern Portugal.
Soil erosion prevention is provided at the interface between the biophysical and climatic components (i.e., structural) of the social-ecological system and its land use-land cover dynamics (Fig. 2) , as the ecosystem service providers (in this case vegetation cover) mitigate the impact from soil erosion (Guerra et al. 2014) . To begin assessing SEP we need to identify the structural impact (!) of soil erosion, i.e., the erosion that would occur when vegetation is absent and therefore no ecosystem service is provided (Fig. 1a) . It determines the potential soil erosion (tons of soil per pixel area in a given year) in a given place and time and is related to variables such as rainfall erosivity (i.e., the erosive potential of rainfall), soil erodibility (as a characteristic of the soil type) and local topography (Panagos et al. 2011) . Although external drivers, e.g. climate change, can have an effect on these variables, they are less prone to be changed directly by human action.
The actual ecosystem service provision (E s ) reduces the total amount of structural impact (!), and we define the remaining impact as the ecosystem service mitigated impact (b e ) (i.e., the remaining soil erosion after the provision of the ecosystem service). We can then define the capacity for ecosystem service provision (e s ) as a key component to determine the fraction of the structural impact that is mitigated (Fig. 1b) . This capacity for ecosystem service provision (e s ) is influenced by both internal and external social-ecological drivers. Examples of internal drivers include management options, forest fires, and urban sprawl, whilst agricultural policy measures, spatial planning, and climate change are examples of external drivers affecting SEP.
To understand the relation between policy and ecosystem service provision, it is necessary to translate the dynamics of the social-ecological system in a set of process relevant indicators that express the system responses to specific policy measures (Fig. 2) . One of the main issues to establish these relations is the site specificity of service provision in relation to the broader spatial and sectoral scope of policy measures. This is particularly relevant for agricultural policies as they are applied to land use systems that can be found in areas with significantly diversified social, economic and environmental conditions. It is therefore necessary to (a) identify relevant policy measures for each specific social-ecological system, (b) describe the social system responses to the selected policies (e.g. in terms of land use and land cover change), and (c) identify and measure their implications in the ecosystem service provision (e.g. in terms of the influence in the dynamics of ecosystem service provision) (Fig. 2) .
Landscape Ecol (2016) 31:271-290 273 Fig. 1 Conceptual framework for assessing the provision of regulating services (adapted from Guerra et al. 2014) , where a presents the structural impact (!) (i.e., the total soil erosion impact when no ecosystem service is provided); b distinguishes the actual ecosystem service provision (Es) as a portion of the structural impact (measured in ecosystem service providing units (tons of soil not eroded)) and determined by the capacity for ecosystem service provision (i.e., the fraction of the structural impact that is mitigated by the ecosystem service, corresponding to an adimensional gradient ranging from 0 to 1), and the remaining ecosystem service mitigated impact (b e ) (i.e., the remaining soil erosion after the ecosystem service provision); and c considers the potential variations in the actual ecosystem service provision resulting from land management shifts that occur at the local level although influenced by internal and external drivers Fig. 2 Diagram indicating how the conceptual framework ( Fig. 1) can be converted into an indicator based approach to assess the impact of specific policy measures in the provision of ecosystem services [adapted from Guerra et al. (2014)] To identify relations between policy measures and ecosystem service indicators for our Portuguese casestudy we have (a) identified the relevant agricultural policies and policy measures that are related to impacts on the provision of SEP, (b) calculated and described the dynamics of key land use and landscape indicators, and (c) calculated and described the dynamics of key environmental impact and ecosystem service indicators and assess their relation to the selected policies, through the evaluation of their response to the dynamics characterized in step two.
Sixty years of policy change in the montado Despite its particularities, the montado system has hardly been considered as a distinct land use system in policy and policy measures have not considered the sensitivity of the system (Pinto-Correia 2000; Ferreira 2001; Pinto-Correia and Godinho 2013) . Consequently, agricultural policies with a production target have had severe unintended effects on the system over the past decades (Schröder 2011; Costa et al. 2011; Godinho et al. 2014) (Table 1) .
From 1929 until the early 1960s the dominant policy affecting land use in Alentejo was the Wheat Campaign, which aimed to increase national cereal production by improving crop production and minimize imports. During the 1950s financial incentives supporting agricultural mechanisation resulted in wide-scale clearing of the montado for cereal production (Pinto-Correia and Mascarenhas 1999; PintoCorreia 2000; Ferreira 2001 ). During the 1960s its effect lessened due to (a) a decrease in the protectionist mechanisms, (b) the high rate of emigration and reduced labour force in the region, and (c) the introduction of an afforestation policy that subsidised 50 % of the planting costs. As an effect, the total cultivated area decreased and the montado regained shrub and some tree regeneration (Jones et al. 2011) .
From 1975 to 1979 the Agrarian Reform introduced a new phase of aggressive intensification, with increasingly heavier machinery used to clear montado for cereal production and livestock grazing (Ferreira 2001) . With the output price support both collective and privately managed farms invested heavily in cereal production, at the expense of the montado (Avillez et al. 1988) .
From 1980 to the present the Portuguese agricultural policy has been increasingly aligned with the European Common Agricultural Policy (CAP). First, under the Agricultural Transitory Measures, there was direct financial support for investments infrastructure and machinery. After 1986, when Portugal and Spain entered the European Economic Community, Portuguese agriculture received production support in line with the EU (Buckwell et al. 1994; Pinto-Correia and Mascarenhas 1999) . In 1992 the CAP was reformed to reduce agricultural overproduction in Europe (Buckwell et al. 1994 ). This caused lower guaranteed prices along with set-aside and other compensation schemes (including agri-environmental measures, afforestation of agricultural land and early retirement) to provide income support (Buller et al. 2000) . In Portugal, effects of the compensation schemes included the afforestation of marginal areas, but these reforms did not reduce the intensification on more favourable land (Jones et al. 2011) .
The Agenda 2000 reform of the CAP was mainly a reinforcement of the 1992 reform, with further decreases in prices and a clear policy of compensation through direct area payments to farmers. Rural development payments, including payment for environmental measures, were separated into a 'second pillar'. This included measures to preserve the montado (e.g. subsidies to maintain and increase tree densities), but the effects were limited as the combined measures in the second pillar received \10 % of the total CAP budget (Brouwer and van der Heide 2009; Pinto-Correia and Primdahl 2009 ).
The 2003 Mid-Term review of the CAP brought a further change: to avoid extreme intensification, payments were decoupled from production and calculated based on the historical payments received by area in production. However, member states could opt for keeping part of the payments coupled. This happened in Portugal, where livestock subsidies have been kept entirely coupled (Pinto-Correia and Primdahl 2009), i.e., support is given per headage. Furthermore, cattle payments increased sharply while sheep payments remained more or less unchanged. This decision, which has remained unchanged until today, forms one of the strongest pressures on the montado in recent years (Pinto-Correia et al. 2011) . The existing policy mechanisms thus continue to lead to the intensification of cattle production in the montado, weakening tree regeneration and resulting in tree clearance and increased openings in the tree cover (Pinto-Correia and Godinho 2013; Pinto-Correia et al. 2014) .
Description of the case study region
To study the effects of the described policy changes on SEP we selected a relatively small and homogeneous (Fig. 3) , a region where the property structure is dominated by large estates. Its montado landscape is composed of open tree cover in changing densities of Quercus suber or Quercus ilex, and pastures with shrub patches in the under cover where extensive grazing occurs (Pinto-Correia 1993; Almeida et al. 2013 ). This case-study area was chosen because it reflects the main traits and trends of the montado social-ecological system, and the required spatial and temporal explicit datasets were available to carry out the long-term evaluation of the potential relations between SEP provision and the described policy measures.
Indicators and methodological application
Indicator description
Following the indicator framework in Fig. 2 , we selected a range of indicators that discriminate between significant land use, land cover and ecosystem service provisioning dynamics. These indicators include grazing intensity, land use states and dynamics, land cover fragmentation and dynamics and ecosystem service provision as well as ecosystem mitigated impacts and the capacity for ecosystem service provision. A full description of each selected indicator is provided in Table 2 .
Data gathering and mathematical implementation
Following Guerra et al. (2014) SEP provided by vegetation cover from 1951 to 2012 was calculated using an adaptation of the Universal Soil Loss Equation (USLE) (Wischmeier and Smith 1978) . The USLE forms a commonly used empirical model for the determination of potential soil losses (Fistikoglu and Harmancioglu 2002; Amore et al. 2004) , and for assessing mitigation measures at the farm system level (e.g. Erskine et al. 2002) . Within USLE, soil erosion is represented by a set of critical factors given by (Panagos et al. 2011) :
where A represents the amount of soil loss, R the rainfall erosivity factor, LS the topographic factor, K the soil erodibility factor, C the vegetation cover factor and P the conservation practices factor.
In this context, the structural impact (!) was calculated using the expression ! ¼ R Â LS Â K (Prasuhn et al. 2013) , and the gradient of ecosystem service mitigated impact will be determined by b e ¼ ! Â a (where a ¼ C and e s ¼ 1 À a). These two expressions allow to determine the actual ecosystem service provision (E s ). Although it will not allow to obtain an absolute measure of soil erosion, this mathematical formulation defines a spatially explicit gradient of potential soil loss and the correspondent gradient of ecosystem service provided by vegetation cover (E s ).
The rainfall erosivity factor was estimated based on the MedREM model proposed by Diodato and Bellocchi (2010) for Mediterranean conditions. An Average annual fraction of the structural impact that is mitigated by the ecosystem service, it corresponds to an adimensional gradient from 0 to 1 -Variation in structural impact % variation in the total amount of structural impact considering the previous reference date % Variation in ecosystem service provision % variation in the total amount of actual ecosystem service provision considering the previous reference date % Rate of effective ecosystem service provision % variation in the total amount of actual ecosystem service provision corrected by the structural impact fluctuations for a given region using the following expression:
, where Es is the total annual actual ecosystem service provision, ! is the total annual structural impact, and t corresponds to the temporal frame % available precipitation dataset from a meteorological station located within the area was used to obtain daily precipitation data from 1931 to 2010. Afterwards, this dataset was segmented into six temporal segments according to six defined temporal frames [(1931-1952); (1949-1970); (1966-1987); (1975-1996); (1984-2005); (1989-2010) ]. For each temporal frame, the rainfall erosivity factor was calculated using the following expression (Diodato and Bellocchi 2010) :
where R m (MJ mm ha -1 h -1 month -1 ) corresponds to the monthly erosivity factor for the month m, b 0 (MJ ha -1 h -1 ) is a constant equal to 0.117, b 1 (d 0.5 mm -0.50-1 ) is a constant equal to 2, a (d 0.5 mm -0.50 ) is a constant equal to -0.015, L (°) corresponds to the site longitude, P m (mm) to the total amount of precipitation in a given month m, and d m (mm d -1 ) to the monthly maximum daily precipitation for month m averaged over a multi-year period. Considering the geographic extent, it is assumed that the rainfall erosivity factor is spatially homogeneous for the entire area.
To estimate soil erodibility an available dataset for the region was used (Cardoso 1965) where LS is the topographic factor, a refers to the flow accumulation model obtained from the topographic dataset, p to the pixel size, and d to the slope model in degrees. Vegetation cover was estimated using a land cover time series for six dates (i.e., 1951, 1969, 1986, 1995, 2004, and 2012) covering 60 years of land cover dynamics. These land cover maps were produced by photointerpretation of multiple aerial photographs ranging from 1951 to 2012, following a specific hierarchical land cover classification (Table 3) . For each of the six considered time slices, a complete coverage was obtained and ground validation data from 2004 to 2012 was used to assist in the land cover interpretation and classification. The remaining land cover maps (1951, 1969, 1986, and 1995) were made based on these late land cover maps (i.e., 2004 and 2012) by only registering changes in land cover between time slices (cf. Liu et al. 2007; Arnaez et al. 2011; Otero et al. 2011) . After these land cover maps were produced, a set of 37 Landsat images ranging from January of 2011 to December 2013 was compiled and transformed to the normalized difference vegetation index (NDVI; Seto et al. 2004; Jiang et al. 2006) . Each NDVI image was converted in vegetation cover (C) using the expression proposed by Van der Knijff et al. (1999 , 2000 , and Prasannakumar et al. (2012) :
where a = 2 and b = 1.
Finally, zonal statistics were calculated for the mean value of C present in each patch present in the Table 3 Hierarchical land cover classification and respective ecosystem service provisioning capacity, calculated in a monthly basis from NDVIs obtained from Landsat images land cover map of 2012. Afterwards, all values were grouped by land cover class and the average value of C was calculated for each month. This procedure made it possible to obtain a within-year profile of the variation of vegetation cover per land cover class (Table 3 ). The 2012 template of vegetation cover variation was reproduced for the remaining dates to overcome the diminished data availability for early dates.
Data integration and statistical analysis
A comparative analysis was made to establish consistent relations between the identified policy measures and the resulting landscape and ecosystem service changes. The final group of indicators was divided into static indicators (e.g. % of silvo-pastoral areas, total actual ecosystem service provision) and dynamic indicators (e.g. % of changed area, rate of effective ecosystem service provision) to better grasp the relationships between type and rate of changes.
The Pearson correlation coefficient (r) was used separately to static and dynamic indicators to observe the relationships between indicators, particularly between the provision of ecosystem services and the intensity and frequency of landscape changes. Based on previous studies (e.g. Schröder 2011; Costa et al. 2011) , we here assume that most of the changes in land management in this region result from social-economic changes derived from policy incentives and measures. All the values were computed considering the results for the entire study area (Table 4) .
Results
Land use and land cover change Figure 4 provides a comprehensive picture of the main land use and land cover changes in the area. Between 1951 and 2012 montado was the dominant land use in the case-study area, covering in average 67.7 % of the area, with an absolute variation of -3.5 %. Although this absolute variation is not significant, the spatial variation tells a different story: 26.4 % of the original montado area changed land use over the 60 years period. During this period cropland areas have decreased by 57.7 % (from 21.9 to 9.3 %) at the same time that permanent pastures increased by 119.2 % (from 8.8 to 19.3 %). This happened mainly between 1969 and 2012, following the end of the protectionist policy and the beginning of the cattle subsidies. This trend becomes more obvious after 1986 and results from a reduction of the agricultural areas by 12.6 percentage points between 1951 (21.9 %) and 2012 (9.3 %). Although this is the general trend, it is relevant to observe that these agricultural areas register an increase of 8.9 % between 1969 and 1986 (mainly related with annual crops) and again between 2004 and 2012 (?15 % mainly related with permanent crops) ( Table 4) .
Between 1986 and 1995 the rate of change (1.4 % per year) was almost twice as high compared to the 1969-1986 period (0.71 % per year). It decreased after 1995 resulting in relative stable land use, with change occurring in \3.5 % of the region. One key driver of change is the grazing intensity, and its effects on soil degradation. It shows a strong increase on the number of grazing cows from 1986, a trend that continues until 2012 (Table 4) .
Land cover dynamics (Fig. 4) are more pronounced than the trends identified for land use change. For example, the most dominant land cover class (i.e., silvo-pastoral areas with [50 % of tree cover) decreased by almost half between 1951 and 2012, from 41.7 % of the area to just 24.8 %, maintaining only 48.8 % of the original area. This change resulted from a reduction of tree cover densities and to a substitution of these silvo-pastoral areas by permanent pastures. By contrast, there was also an increase of silvo-pastoral areas with dense tree cover (i.e., with [50 % of tree cover) in 11.3 % of the changed area, which occurred mostly between 1951 and 1969.
Between 1951 and 1995 the rate of land cover change is nearly double the one resulting from land use change, and it triples between 1995 and 2012. This reveals an impressive change dynamic, which manifests itself in all land cover classes at different rates. These landscape dynamics appear to be related to an intensification and increased frequency of the agricultural policies that pushed for more intensive land uses.
At the landscape scale, there is an increase in fragmentation, reflected in a 67 % increase in the number of patches and a 36 % decrease in mean patch size between 1951 and 2012 (Table 4) . For both indicators the rate of change was more intensive between 1951 and 1969 and between 1986 , Landscape Ecol (2016 with a peak between 1986 and 1995. After 2004 it appears to have halted, which is also manifested in the land use and land cover dynamics.
Impacts and ecosystem service provision
The selected impact indicators illustrate two different realities. Drier climate conditions between 1986 and 2012 lead to a reduced rainfall erosivity and a 19.9 % decrease in the total soil erosion impact when no ecosystem service is provided (!). By contrast, the remaining soil erosion after the ecosystem service provision (b e ) increased by 16.8 % due to a decrease in tree cover (and consequently in the capacity for ecosystem service provision) in areas with high structural impact (!). This divergent trend between the structural impact and the ecosystem service mitigated impact reflects not only the shift in peak precipitations from spring months to October, but also the spatial and temporal landscape dynamics that resulted in a spatial rearrangement of the capacity for ecosystem service provision followed by a decrease in the effective SEP provision (Fig. 5) . This results in a reduction of the rate of effective ecosystem service provision, revealing the extent by which the land use intensification with disregard for the local environmental conditions is diminishing the capacity for ecosystem service provision in late summer, allowing it to be surpassed by increasing rainfall erosivity values in September and October.
While the capacity for ecosystem service provision ultimately determines the amount of ecosystem service provision, the results show that this indicator, when calculated at the landscape scale (Table 4) , can have very low sensitivity to the changes that are occurring in the area. It also presents little relation to the values of the actual ecosystem service provision (r = 0.433, p = 0.391), i.e., areas with high capacity for ecosystem service provision often have a small effective provision and vice versa. This is backed up by the fact that although the capacity for ecosystem service provision has a very small variation over time, the actual ecosystem service provision has very dynamic values due to its correlation (r = 0.999, p = 0.000) to the variations in the structural impact indicators. Despite this correlation, the rate of effective ecosystem service provision indicator shows that the ecosystem service provision is decreasing in the region, particularly after 1986. This coincides with the implementation of more productivist-oriented policies and with a more rapidly changing policy environment (Fig. 5) . In fact, the rate of effective ecosystem service provision is highly correlated with changes in the land cover (r = 0.966, p = 0.008) and use (r = 0.963, p = 0.009). These results illustrate how this indicator 
Discussion
Discussion of results
The results obtained in this paper confirm those described by Guerra et al. (2014) , which stated that the spatial relation and configuration of the capacity for ecosystem service provision are more important then the capacity value it self. They illustrate how ecosystem service provision is dependent on the spatial and temporal arrangement of the interacting factors (Nelson et al. 2009; Eigenbrod et al. 2010) by showing a significant correlation between the ecosystem service indicators and the identified drivers of change (Appendix 1). Finally they highlight how agricultural policy induces change both in land cover and land use with significant implications for the actual ecosystem service provision and the mitigation of important impacts. An example of this relation is the rapid increase of permanent pastures and the decrease in tree density in most silvo-pastoral areas after the introduction of grazing intensification support schemes in the 1980s. This resulted in an increase of the ecosystem service mitigated impact and the consequent decrease in the rate of effective ecosystem service provision. The results show that service provision and the remaining impacts accompanied the same trend registered for the structural impact following a temporally stable agricultural policy and the implementation of private forestry promotion measures between 1951 and 1980. The same does not appear to occur in recent years, particularly between 1986 and 2012 (Fig. 5) . While early policy measures implied significant changes in land use/cover (i.e., with an increase of cropland areas), the more gradual land cover change in recent years appears to reflect the policy decision to support cattle production and therefore indirectly support an increasing grazing intensity and pressure on the pasture areas. This results in little changes in the land use patterns but with unintended policy impacts related to dramatic effects on ecosystem service provision.
In fact, the effect of these policy options seems to be very significant for SEP (Pinto-Correia and Godinho 2013) . This is reflected in the decay in tree regeneration (e.g. due to harder growth conditions to the young tree shoots), low tree replacement rates for adult trees, the presence of progressively larger openings in the montado tree cover and thus a higher fragmentation and a progressive decrease of the montado total area. Even if dramatic in the long run, these cattle support payments result in a slower landscape change effect than measures that produce more drastic effects in the land cover (e.g. subsidizing cereals production or the installation of new forest areas). This affects people's perception and reaction to landscape change and results in more critical situations as the increasing agriculture intensity demands for better and more stable soils that can cope with high productivity rates (Jose 2009; Podmanicky et al. 2011) . In this case, the SEP service becomes more important as it has a substantial contribution to prevent soil degradation in immediate and future conditions (Shakesby 2011; Rickson 2014 ).
Discussion of methods
The implemented methodological approach resulted in a significant volume of land cover, land use, and ecosystem service indicators. This allowed to establish relations between the identified policy measures/drivers and the dynamics of ecosystem service provision and land cover/use change.
The aim of the paper is not to give an estimate of soil erosion but rather to give an estimate of the service being provided by vegetation cover. To avoid adding unnecessary complexity to the proposed framework we opted for a more simplified model to serve as the basis for ecosystem service provision calculations (Guerra et al. 2014 ). This had in consideration its successful application for soil erosion modelling in the Mediterranean (e.g. Diodato and Bellocchi 2007; Capolongo et al. 2008; De Vente et al. 2008) , and the desire to use a parsimonious model providing spatially and temporally explicit results. This stylised and simple approach can be further expanded with more sophisticated models and better data if available.
There are still some caveats related to the assumption made that soil conditions and vegetation profiles within the same land cover class remain stable through time. This was mainly due to data constrains related to the lack of update of the national soils database with consistent laboratorial methods (the only existent is from the 1960s (Cardoso 1965 ) and recent ones do not follow the same methodological procedures) and to insufficient satellite images that cover the entire time frame presented. In both situations we acknowledge that they can introduce variation in the obtained values, but we do not consider that these differences influence the overall trends and outcomes. By describing an extensive set of indicators for the different steps of the conceptual model it was possible to successfully determine important interactions between the identified policy measures and the provision of SEP. Also, the use of several indicators rather than only one (commonly the capacity for ecosystem service provision) proved to be more effective to describe the systems dynamics. As results show, the use of only one indicator (i.e., the capacity for ecosystem service provision) would show a slight increase in ecosystem service provision, wile the use of an extensive set of indicators showed a very different result. By assuming causal effects between policy mechanisms and SEP provision, the implemented framework also revealed to be effective in detecting small variations resulting from the intensification or maintenance of the same policy measures trough time. Regarding the identified relations between policies and landscape/ecosystem service provision change, we are aware that there are other interactions that are not accounted for but considering the social, ecological and environmental characteristics of the area, we are certain that agricultural policy mechanisms are still the main driver for this area as shown by other studies (cf. Costa et al. 2009; Santana et al. 2013; Ribeiro et al. 2014) .
Future applications
This paper emphasizes the need for place based or at least context based policy design with a strong consideration of the environmental constrains and potentials of each region. Considering the agricultural policy as the main driver of change in rural areas (Swaffield and Primdahl 2010 ) the lack of system driven policies that consider the whole montado system and not just specific productions is evident.
The approach used here demonstrated how unintended changes in the overall land use and impacts in ecosystem service provision are a clear result of the existing policy scheme (Schröder 2011; Almeida et al. 2013; Ribeiro et al. 2014) . Although some policy measures related to environmental sustainability were introduced in the last decade (e.g. the introduction of the second pillar in the CAP, the effects of the 2004 mid term review, or the current greening measures), they are often minimized by the way and extent to witch they are implemented (Pe'er et al. 2014) . Therefore agricultural policy design should use integrated approaches as the one proposed in this paper coupled with prospective scenario building, in order to apply ex-ante assessments of policy measures and better target the implementation of environmental protection schemes.
These results show promise in the use of ecosystem service indicators as policy indicators, not only to monitor but also to evaluate their effective impacts. The use of SEP in the evaluation of Mediterranean agricultural and environmental policies is urgent not only considering climate change (i.e., with the shift of precipitation concentration from winter and spring to the end of the summer) (Zhang and Nearing 2005; Metzger et al. 2008 ), but also current and future socialeconomic realities (e.g. aging population, abandonment of rural areas, and the introduction of new land uses) (Pinto-Correia and Mascarenhas 1999; PintoCorreia and Godinho 2013). SEP Pan-European assessments focused in Mediterranean areas are therefore needed to overcome the challenges stated by the European Thematic Strategy for Soil Protection (CEC 2006) .
Likewise, other regulating services can and should be considered to develop tradeoff scenarios for policy design. This could be made with an a priori identification of the relevant ecosystem service providers for each ecosystem service considered. Afterwards, appropriate methods to determine the structural impact had to be identified, and the spatial distribution of the capacity for ecosystem service provision correctly determined for each ecosystem service. This allows to avoid double counting situations and for an integrated calculation of ecosystem service provision. Coupled with an effective characterization of the social-ecological dynamics, this would permit to better identify current demand and also to improve ecosystem service provision awareness among ecosystem service beneficiaries (e.g. local and regional land managers).
Conclusions
This paper presents a spatially explicit approach to identify and describe the implications of 60 years of agricultural policies on the provision of the SEP service in a Mediterranean extensive silvo-pastoral system. The results found give strong evidence that agricultural policy does not achieve the desired effects of SEP. They thus emphasize the need for spatially informed agricultural policies adapted to the socialecological context of each region. The presented framework based on spatially explicit ecosystem regulating service indicators has shown to be sensitive to changes in policy and can be used for strategic assessments, both in long-term monitoring schemes or ex-ante evaluations. The long-term assessment of policy measures helps to understand the historical effects of the public agricultural policies in the region, illustrating the negative consequences of recent measures in SEP provision. The results also highlight the potential of using the rate of effective ecosystem service provision rather then the actual ecosystem service provision to detect these dynamics.
